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A B S T R A C T
South Amazon forests have been highly deforested, including the legally protected riparian forests. The Xingu
watershed restoration program used direct seeding of native trees to restore 5000 ha of forests from 2006 to
2018. Direct seeding is a low cost method, easy-to-implement at large scales. The literature on this method
concludes that only a few species manage to establish successfully, resulting in an impoverished forest. In this
study, we aimed to (i) assess changes in species composition over a 10-year chronosequence in direct seeded
sites, (ii) evaluate life-history traits of direct seeded and colonizer species, and (iii) investigate whether colonizer
arrival is inﬂuenced by landscape structure and dispersal syndrome. We sampled 72 1–10 year-old direct seeded
sites along a latitudinal gradient of 600 km, at the Upper Xingu Basin, state of Mato Grosso, Brazil. From the 152
direct seeded species, 90 species established themselves, and 67 new species colonized the restored sites.
Succession started oﬀ dominated by a single pioneer species; then shared dominance with ﬁve other light-
demanding species, while slow-growing species were present in the understory. Direct seeded and established
species are disproportionately more orthodox, wind-dispersed seeds, usually dispersing during the dry season.
Colonizer species are similar to the ones found in reference forests, regarding the proportion of animal-dispersed
and recalcitrant seeds. We found no relationship between forest cover and colonizer richness. Direct seeding
imposes a functional diversity ﬁlter due to the short period of seed harvesting, storage limitations, and ﬁeld
emergence. However, established species comprise diverse successional classes, which form an initial structure
that facilitates species colonization, reducing the biodiversity ﬁlters caused by the direct seeding method over
the years.
1. Introduction
The eﬃciency of active versus passive restoration has been strongly
debated (Crouzeilles et al., 2017; Reid et al., 2018). Restoration prac-
titioners will favor the passive approach when a high potential for
natural regeneration exists, and favor an active approach when this
potential is absent (Holl and Aide, 2011). The great potential for nat-
ural regeneration in the Amazon region has long been demonstrated,
where depending on the intensity of land-use, diﬀerent successional
paths have been described (Mesquita et al., 2015; Jakovac et al., 2016).
However, in areas that have been heavily deforested, such as in the
agricultural frontier along the boundaries of the Amazon with the
Cerrado biome (Costa and Pires, 2010), where mechanized agriculture
was adopted with supra-annual soil revolving and herbicide applica-
tions (VanWey et al., 2013), the potential for natural regeneration is
severely reduced (Rezende and Vieira, 2019). In these cases, where
natural regeneration does not initiate within a few years, active re-
storation is recommended (Corbin and Holl, 2012; Holl and Aide,
2011).
For forest restoration to happen at large scales, restoration methods
have to be ecologically and cost eﬀective, and involve local stake-
holders (Holl, 2017; Shoo et al., 2017). Moreover, each restoration
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method leaves footprints in the forest recovery trajectory (Corbin and
Holl, 2012; Freitas et al., 2019). For example, seedling planting accel-
erates canopy closure and facilitates natural regeneration, although it
can also promote a homogeneous habitat (Corbin and Holl, 2012),
given the absence of regeneration below the canopy (Sansevero et al.,
2011). Nucleation, which consists of planting seedlings in interspaced
islands, creates environmental heterogeneity that oﬀers more niche
opportunities for colonizer trees, but reduces the rate of forest recovery
compered to plantations that target the entire area, since the expansion
of islands is slow (Zahawi et al., 2013).
An alternative approach that has lately promised to be cost-eﬀective
for implementation in large scale is direct seeding (Campos-Filho et al.,
2013; Palma and Laurance, 2015). This method consists of directly
seeding a mixture of native species with diﬀerent life cycles over a
harrowed soil. Fast-growing species rapidly and eﬀectively close the
canopy (Campos-Filho et al., 2013; Meli et al., 2017b), reducing exotic
grass cover, facilitating the establishment of late-successional species
(Campos-Filho et al., 2013; Silva et al., 2015), and forming stratiﬁed
forests which ensure the successional trajectory during the ﬁrst decades
after restoration (Freitas et al., 2019). Given the high seeding density,
the initial density of recruits tends to be high, similar to that found in
sites with high potential for natural regeneration (Barton and
McElhinny, 2012; Campos-Filho et al., 2013; Freitas et al., 2019; Sovu
et al., 2010).
Although there are advantages, a number of bottlenecks limits the
range of species found in direct seeded sites (Ceccon et al., 2016; Palma
and Laurance, 2015). The process of seed harvesting and seed storage
imposes the ﬁrst ﬁlter, given that species with recalcitrant seeds cannot
be stored. Other ecological ﬁlters include low emergence rates, espe-
cially for species with small seeds (Camargo et al., 2002); high seed
predation (Guarino and Scariot, 2014); competition of seedlings with
exotic grasses (Doust et al., 2006); and dry spells after sowing that can
cause the death of recently emerged seedlings (Silva et al., 2015). With
strong bottlenecks preventing the range of species and functional traits
able to establish in direct seeded sites, it is important to understand
these constraints’ consequences in shaping the successional trajectory
and community assembly. Will the direct seeded sites result in a per-
sistent community? Will the community facilitate the arrival and es-
tablishment of colonizer species from the regional pool? Moreover, it is
necessary to investigate the traits of species that colonize the restora-
tion sites and their similarity with reference forests.
Large-scale restoration projects are still rare in the Amazon, but a
recent initiative (Moura, 2018), considered the biggest tropical forest
restoration project, aims to restore 30 thousand hectares (73 millions of
trees) by 2023. They were inspired by the outputs of the Y Ikatu Xingu
campaign, that restored almost 5000 ha through direct seeding
(Campos-Filho et al., 2013; Durigan et al., 2013; Schmidt et al., 2018).
In that campaign, a total of 175 tons of seeds were harvested by 450
seed collectors (Schmidt et al., 2018). The success of the restoration at
those sites has been corroborated regarding forest structure in 72 direct
seeded sites in a 10-y chronosequence, showing high basal area and
above ground biomass, as well as high vertical stratiﬁcation and species
richness, compared to natural regenerating resilient sites or seedling
plantations (Freitas et al., 2019).
This study aims to evaluate the early success of the Y Ikatu Xingu
campaign, this large-scale tropical forest restoration eﬀort by direct
seeding, from the perspective of species life-history traits and compo-
sition. Our goals were to (i) assess the changes in species composition
along a 10-year chronosequence, since successful forest restoration
depends on pioneer species to provide fast forest cover and late suc-
cessional species to guarantee permanence; (ii) evaluate life-history
traits of direct seeded, colonizer and reference forests species, to in-
vestigate whether seed harvesting, storage, and seeding restrict the life-
history traits of species used in direct seeding, and whether colonization
enhances the life-history traits present in the communities; and (iii)
investigate whether colonizer arrival is inﬂuenced by landscape
structure and dispersal syndrome.
2. Materials and methods
2.1. Study area and restoration method
The study sites were distributed along a latitudinal gradient of
600 km, on the upper right Xingu watershed, in northeastern Mato
Grosso state, Brazil (Fig. 1). Mean annual precipitation ranges from
1491 to 2290 mm (Hijmans et al., 2005), and it is highly seasonal
(Ivanauskas et al., 2008). Mean annual temperature is above 18 °C
throughout the year (Ivanauskas et al., 2008). The topography is ﬂat,
with deep and predominantly red-yellow latosol (Ivanauskas, 2002).
The upper Xingu watershed encompasses forests and savanna forma-
tions. The riparian forests are evergreen seasonal forests (IBGE, 2012),
with a canopy 10–20 m high, and basal area of 21m2 ha−1, 546 in-
dividuals ha−1 (DBH > 5 cm), and 51–66 species ha−1 (Ivanauskas
et al., 2004a). The landscape is part of the Arc of Deforestation and, in
2010, 25% of the land cover around the Xingu Indigenous Park was
pasture and 15%, soy bean plantations (Macedo et al., 2013).
Since 2006, the Instituto Socioambiental and partners have restored
forests in riparian sites converted to pasture and agriculture in the
Xingu basin (Campos-Filho et al., 2013). Direct seeding was used as the
restoration method in sites with low potential of naturally regenerating,
usually dominated by exotic grasses without tree recruits. In the studied
restoration sites, soil phosphorus content varied from 0.30 to
10.80mg dm−3, base saturation was 6.2 to 58.3%, and sand content
was 36 to 82% (Freitas et al., 2019). In order to assess the changes in
species composition along a 10-year chronosequence, we selected 72
Fig. 1. Location of the 72 sites restored through direct seeding in state of Mato
Grosso, Brazil. Black line is the Xingu basin delimitation. Dots represent the
sampled sites. Data from reference forests were taken from literature.
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areas restored through direct seeding between 2006 and 2015, trying to
encompass age representativeness, variation in precipitation and sea-
sonality, and accessibility (for more details of site description see
Freitas et al., 2019). For comparison, we also sampled six sites where
the natural regeneration was allowed to take place for seven to 10 years
after the area was fenced to preclude cattle intrusion.
Restoration sites were ﬁrst prepared by successive plowing before
the planting season in order to reduce exotic grass cover and provide a
ﬂat, loose soil to enhance seedling emergence. The seeds used for direct
seeding are a mixture of native trees with annual and sub-perennial
green manure legumes (for more details see Campos-Filho et al., 2013).
Green manure was used to rapidly shade out exotic grasses, reverse soil
compaction, and increase soil fertility. Green manure species are annual
or semi-perennial, do not naturally recruit in the restoration sites, and
totally disappear after three years. Seeding density consists in 20–40
seeds m−2 of native trees, 6 seeds m−2 of Crotalaria spectabilis Roth, 3
seeds m−2 of Canavalia ensiformis (L.) DC, and 1 seed m−2 of Cajanus
cajan (L.) Millsp (Campos-Filho et al., 2013). Half of the native tree
seeds (10–20 seeds m−2) were of 15–20 pioneer species that grow
quickly and promote canopy closure; the other half were of 30–60 late
successional species. Although species used for direct seeding had some
variation among years and sites, due to variations in seed production,
species richness was not related to restoration age, and species com-
position was very similar among sites. Unfortunately, only 17 sites had
a list of seed density per species. Direct seeding was carried out mostly
using a broadcast spreader (48 sites); or sowing in rows separated by
50-cm intervals with end-wheel grain drills, in which most of the seeds
are put in a fertilizer box mixed with sand (12 sites); or by placing seeds
directly into 1×1-m holes (12 sites; Campos-Filho et al., 2013). The
type of seeding depends on the equipment and level of expertise
available at the farm; grain farmers have grain drills, while cattle
farmers have broadcast spreaders (Campos-Filho et al., 2013). Vegeta-
tion attributes (including seedling and tree density, basal area, and
species richness) did not diﬀer between the three seeding types (Freitas
et al., 2019). When necessary, chemical weeding was used to control
exotic invasive grasses.
2.2. Floristic surveys
We sampled 72 direct seeded sites, implemented around springs or
along small rivers, with an area restored between 0.5 and 50 ha, in
forest strips that were 30m wide, ranging from ages of one to 10 years
old. Trees (DBH≥ 10 cm) were measured in 500-m2 plots (50×10m).
Saplings (height≥ 1.30m and DBH < 10 cm) were measured within a
100-m2 (50× 2m) subplot, and seedlings (0.30 m≤H < 1.30m)
within a 25-m2 (50×0.5m) subplot. Subplots were nested along the
longitudinal centerline of the plot; the centerline was parallel to the
river or drainage course. We established one plot in each of the 72 sites.
For these three size classes, we measured height (H) and diameter at
breast height (DBH) for trees and saplings, and diameter at ground level
(DGL) for seedlings. Stems of the same species at least 5 cm apart were
considered diﬀerent individuals. Species were identiﬁed in the ﬁeld
whenever possible or collected for posterior identiﬁcation at the her-
barium of Embrapa Genetic Resources and Biotechnology (CEN).
2.3. Species functional classiﬁcation
We classiﬁed species into ‘seeded’, ‘established’, and ‘colonizer’. We
used the general list of direct seeded species in the restoration program.
Thus, ‘seeded’ included all direct seeded species; ‘established’ included
the direct seeded species that were sampled in at least one site; and
‘colonizer’ included the non-seeded species that were sampled in at
least one site. Colonizer species may have arrived and established at the
site after restoration, but could also have been present as a recruit in the
pasture before restoration, and sprouted after soil preparation. Field
observation suggests that sprouting stems were rare. For comparison,
we also had a list of reference forest species, constructed with phyto-
sociological data from eleven plots in mature forests in the region, to-
talizing 272 species in 9.05 ha sampled (Ivanauskas et al., 2004a;
Morandi et al., 2016; Stefanello et al., 2010). The species names were
maintained as in the original study, unless names were synonyms, in
that case the most recent name accepted by Flora do Brasil was used.
Based on ﬁeld observation and literature review, the species were
classiﬁed by life-history traits related to the ability to establish in re-
storation sites. As we collected information from the literature, the
available information for each group varied greatly (Table S1), but we
obtained the following life-history trait classiﬁcation: for dispersal
syndrome, 403 species (animal, wind or auto dispersed); for seed sto-
rage behavior, 169 species (orthodox or recalcitrant); and for succes-
sional group, 218 species (pioneer or non-pioneer). Since the same
species can perform diﬀerently in diﬀerent regions and literature is
inconsistent, we prioritized our ﬁeld observations. In order to classify
pioneer species, we observed a high ability to colonize open sites, high
growth rate, and short life spam (5–15 years). The life-history traits
were compared between seeded, established, colonizer, and reference
forest species. Although seed size is one of the main predictors of
seedling emergence and seedling establishment (Camargo et al., 2002;
Doust et al., 2006; Palma and Laurance, 2015), we do not consider its
eﬀect between seeded and established species because the project
compensated for seed size by seeding high amounts of small seeds, and
the comparison would be biased.
To evaluate the inﬂuence of surrounding forest cover on the arrival
of colonizer species, we measured the area covered by mature forest in
a 500-m radius buﬀer around each plot. We classiﬁed land cover into
forest and non-forest according to the MapBiomas land use and land
cover map, collection 1 (MapBiomas et al., n.d.).
2.4. Data analysis
To understand compositional changes along age classes and be-
tween plant size classes, we used a Nonmetric Multidimensional Scaling
analysis (NMDS; Quinn and Keough, 2002). For better visualization of
the compositional changes along the 10 years, we classiﬁed the sites in
three age classes: (i) 1–3 year-old (n= 15); (ii) 4–6 year-old (n=32);
(iii) 7–10 year-old (n=25). We used the relative abundance of each
species in each size class, after the removal of species with less than two
individuals, and calculated the Bray-Curtis similarity index between
pairs of sites. The resulting matrix was used in the NMDS. To enable the
comparison of species richness between diﬀerent age classes of direct
seeded sites and natural regeneration sites, we built individual-based
rarefaction curves. We also plotted density per size class and total basal
area of the 10 most abundant species in each age category. We calcu-
lated basal area by summing up the basal area of trees, saplings, and
seedlings per hectare (m2 ha-1). We compared relative density and basal
area of the most dominant species among the age categories with a one-
way ANOVA.
To verify how direct seeded sites diﬀer in species composition from
naturally regenerating sites, we ran a non-metric dimensional scaling
(NMDS) with only the 7–10 year-old direct seeded and the 7–10 year-
old naturally regenerating sites. For this purpose, species were not se-
parated into size classes. We removed species with less than two in-
dividuals and calculated the Bray-Curtis similarity index between pairs
of sites. We also plotted density per size class and basal area of the 10
most abundant species for naturally regenerating sites.
To investigate whether seed harvesting and storage impose ﬁlters on
the seed traits used in direct seeding, whether direct seeding imposes
ﬁlters on the seed traits able to establish, and whether colonizer species
reduce the eﬀects associated with the restoration method, we used a
Chi-square test (χ2), considering a signiﬁcance level of 0.05 (Zar,
2010), to compare life-history traits of ‘seeded’× ‘estab-
lished’× ‘colonizer’× ‘reference forest’ species.
We ﬁtted one generalized linear mixed-model (GLMMs), using a
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Poisson distribution, to assess the eﬀects of age, landscape forest cover,
and dispersal syndrome and their interactions on the total richness of
colonizer species. Since each plot was repeated three times in the da-
taset to present richness values in each of the three dispersal syndromes
(zoochory, autochory, and anemochory), plots were included as
random factor. We did not detect residual overdispersion in the model.
Variables were checked for normality prior to modeling. Predictors
were standardized to the z distribution to account for diﬀerences in
magnitude between variables. We identiﬁed meaningful predictors
based on a model selection procedure considering all combinations of
variables and interactions, and ranking them according to the Akaike
Information Criterion corrected for small sample sizes (AICc, Burnham
and Anderson, 2002). To assess model performance, we calculated
diﬀerences in AICc values of candidate models as ΔAIC (diﬀerence in
AICc value relative to the best-performing model) and Akaike weight
(wi), which corresponds to the relative likelihood of a given model
(Burnham and Anderson, 2002). We assumed that models with
ΔAIC < 2 were plausible explanations for the data. After selecting the
best model, the signiﬁcance of each factor was tested with an analysis of
variance (ANOVA), followed by a Tukey test, for multiple comparisons
between the categorical factor ‘dispersal syndrome’.
Analyses were performed using R version 3.4.1 (R Core Team,
2013), using the following packages: vegan for NMDS (vegdist and me-
taMDS functions) and rareﬁcation, stats for chi-squared tests and one-
way ANOVA, lme4 and MuMIn for GLMM, car for ANOVA analyses,
lsmeans for the post-hoc test.
3. Results
3.1. Changes in species composition along a 10-year chronosequence
In the 72 direct seeded sites we sampled 5 170 individuals be-
longing to 157 species, 101 genera, and 42 families. Most species were
rare, with 45% sampled with one or two individuals. Also, in older sites
occurred a substitution and increment of species over time and life
stage. In 1–3 year-old sites (n=15), 44 species were sampled (39
species per 340 sampled individuals, by rarefaction), and the mean
density of individuals was 3546 seedlings ha−1, 2393 saplings ha−1,
and 2 trees ha−1. In 4–6 year-old sites (n=32), 107 species were
sampled (53 species in 340 individuals), and mean density was 4800
seedlings ha−1, 5940 saplings ha−1, and 144 trees ha−1. Only 14
species presented individuals in all size classes. In 7–10 year-old sites
(n=25), 110 species were sampled (59 species per 340 individuals),
with 32 species presenting only one individual. Mean density of in-
dividuals was 6112 seedling ha−1, 5760 saplings ha−1, and 270 trees
ha−1. In those sites, 21 species were sampled with individuals in all size
classes. In the six natural regeneration sites (7–10 year-old), 68 species
were sampled (per 340 individuals), with 41 species presenting only
one individual. Mean density of individuals was 4466 seedling ha−1,
3183 saplings ha−1, and 273 trees ha−1. Only four species were sam-
pled in all size classes and no species was registered in any natural
regeneration plots.
Within ten years, direct seeded sites went from a high dominance of
one pioneer species to a more balanced abundance, with individuals
occurring as trees, saplings, and seedlings (Fig. 2). Mabea ﬁstulifera
signiﬁcantly reduced its dominance over the chronosequence, re-
presenting 63% of the basal area and 33% of the number of individuals
in 1–3 year-old sites, 21% of the basal area and 31% of the individuals
in 4–6 year-old sites, and 8% of the basal area and 17% of the in-
dividuals in 7–10 year-old sites (relative basal areas: F(2, 69)= 17.61,
d.f. = 2, p < 0.001; relative density: F(2, 69)= 9.311, d.f. = 2,
p < 0.001). In 7–10 year-old sites, six species, T. vulgaris, M. ﬁstulifera,
Enterolobium timbouva, Anacardium occidentale, Hymenaea courbaril, and
Anadenanthera cf. peregrina, were responsible for 52% of the plot basal
area (Fig. 2).
The class of trees presented 45 species; three exclusive species (two
colonizers), nine species sampled as both trees and saplings (ﬁve co-
lonizers), and one species sampled as tree and seedling. Saplings pre-
sented 130 species; 42 exclusive species (25 colonizers), 47 species
sampled as both saplings and seedlings (19 colonizers). Seedlings pre-
sented 103 species; 23 exclusive species (15 colonizers). The NMDS
analysis shows 1–3 year-old sites clustered in the center of the graph,
with an intermediate composition between the trees and seedlings of
older sites. In 4–6 and 7–10 year-old sites, species composition of
seedlings is distant from species composition of trees, showing a turn-
over of species within a short period of time (Fig. 3).
Fig. 2. Mean density and basal area of the 10 most abundant species in direct
seeding and natural regeneration sites. Sampling size was 15 for 1–3 year-old
sites; 32 for 4–6 year-old sites; 25 for 7–10 year-old sites; 6 for 7–10 year-old
natural regeneration sites. Names abbreviation: A. occ: Anacardium occidentale;
A. col: Anadenanthera cf. colubrina; A. frax: Astronium fraxinifolium; B. ruf:
Bauhinia rufa; B. ore: Bixa orellana; B. pac: Byrsonima pacchyphylla; C. man:
Chloroleucon mangense; C. bic: Cordia bicolor; C. ame: Curatella americana; D. ala:
Dipteryx alata; E. tim: Enterolobium timbouva; E. dys: Eugenia dysenterica; H. cou:
Hymenaea courbaril; J. cus: Jacaranda cuspidifolia;M. ang:Mabea angustifolia; M.
ﬁs: Mabea ﬁstulifera; M. uru: Myracrodruon urundeuva; P. hep: Protium hepta-
phyllum; S. ama: Simarouba amara; S. cam: Styrax cf. camporum; T. vul: Tachigali
vulgaris; V. gui: Vismia guianensis.
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Naturally regenerating 7–10 year-old sites were heterogeneous,
with one dominating species in each site (see standard errors of the 10
most dominant species in Fig. 2). Thus, species composition was either
close or distant from the direct seeded sites (see NMDS with 7–10 year-
old direct seeded and naturally regenerating sites; Fig. S1). Mabea ﬁs-
tulifera is frequent in naturally regenerating sites in the studied region,
and is successfully used as a pioneer species in direct seeding. Vismia
guianensis is also frequent in naturally regenerating sites, but is not used
in direct seeding. Other species are found in naturally regenerating
sites, and most of them resist through resprouting after deforestation
and during pasture maintenance, as Eugenia dysenterica and Curatella
americana.
3.2. Life-history traits
Direct seeded species and established species were disproportionally
more wind-dispersed and orthodox compared to both reference forest
species (Seeded×Reference forest: dispersion syndrome, χ2= 58.1;
p < 0.001; seed storage behavior, χ2= 23.3; p < 0.001;
Established×Reference forest: dispersion syndrome, χ2= 58.6;
p < 0.001; seed storage behavior, χ2= 28.6; p < 0.001) and coloni-
zers (Seeded×Colonizers: dispersion syndrome, χ2= 18.3;
p < 0.001; seed storage behavior, χ2= 24; p < 0.001;
Established×Colonizers: dispersion syndrome, χ2= 18.3; p < 0.001;
seed storage behavior, χ2= 30.8; p < 0.001; Fig. 4a, b). Established
species did not diﬀer from direct seeded species in relation to life-his-
tory trait proportions (dispersion syndrome, χ2= 0.5; p=0.762; seed
storage behavior, χ2= 2.1; p < 0.357; Fig. 4a, b). Colonizers did not
diﬀer from reference forest species, with high percentages of animal-
dispersed and recalcitrant seeds (dispersion syndrome, χ2= 5.4;
p=0.065; seed storage behavior, χ2= 3.6; p=0.161). The proportion
of pioneer and non-pioneer species were not signiﬁcantly diﬀerent
between groups of species (χ2= 2.4; p=0.489; Fig. 4c).
From the pool of direct seeded species (152), 90 were sampled in
the restoration sites (established), which represented 93% of the total of
individuals sampled. The most frequent species were M. ﬁstulifera (76%
of the sites), H. courbaril (76%), D. alata (69%), E. timbouva (60%), T.
vulgaris (50%), A. occidentale (44%), B. orellana (40%), and A. frax-
inifolium (40%). These eight species were planted and have orthodox
seeds, ﬁve are animal-dispersed, two wind-dispersed and one ex-
plosively-dispersed. Colonizer species represent 7% of all sampled in-
dividuals and represent 42% of all sampled species. Siparuna guianensis
is an animal-dispersed and non-pioneer colonizer, which was sampled
more frequently (5.5% of the sites). Colonizer species were sampled in
all size classes but only two species (Matayba sp. and Maytenus robusta)
were found as trees, sapling and seedling at the same sites, suggesting
that these species were already recruiting.
Richness of colonizer species was aﬀected by age and dispersal
syndrome, and no other model was considered plausible (with
ΔAIC > 2). Species richness was signiﬁcantly related to site age
(χ2= 14.1; d.f.= 1; p < 0.001) and dispersal syndrome (χ2= 89.9;
d.f. = 2; p < 0.001), but there was no interaction between the two.
The post-hoc comparisons between dispersal syndromes showed higher
richness of colonizer species showing zoochory syndrome, compared to
anemochory (z=−7.076; p < 0.001), and autochory (z=−6.696;
p < 0.001). Richness of anemochoric species and autochoric showed
no diﬀerence (z= 0.824; p=0.687). Thus, more zoochoric species
colonize sites, and species colonization increases with age of restoration
(Fig. S2).
Fig. 3. Multi-dimensional ordination (NMDS) of species composition separated
by strata and site age (stress= 0.15). Abbreviations refer to the names of the 13
more abundant species in the chronosequence. AP: Anadenanthera peregrina;
AFR: Astronium fraxinifolium; BO: Bixa orellana; BP: Byrsonima cf. pachyphylla;
BR: Bauhinia rufa; DA: Dipteryx alata; ET: Enterolobium timbouva; HC: Hymenaea
courbaril; JC: Jacaranda cuspidifolia; MF: Mabea ﬁstulifera; MU: Myracrodruon
urundeuva; SA: Simarouba amara; TV: Tachigali vulgaris.
Fig. 4. Classiﬁcation of seeded species, colonizers, and species from reference
forests in relation to dispersion syndrome (a), drying tolerance (b), and suc-
cessional class (c). Species from ﬁve reference forests were obtained from
Ivanauskas et al. (2004a), Stefanello et al. (2010), and Morandi et al. (2016).
Letters represent overall diﬀerences in species life-history traits between
groups, compared by pairwise chi-squared tests.
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4. Discussion
Direct seeded sites presented a fast change in species composition in
the ten year period. Pioneer species established a full canopy cover
within four years (Freitas et al., 2019), with strong dominance of M.
ﬁstulifera. Other fast-growing species shared the canopy dominance,
and late successional species occupied the seedling and sapling strata in
10 year-old sites. Before the establishment of a tree canopy, annual and
semi perennial green manure totally covered the ground. Successful
establishment of a few pioneer species shaded out African exotic
grasses, and improved microclimate and soil conditions for seedling
establishment of late successional – either colonizers or direct seeded –
species (Holl, 2002). However, successful pioneer species in the direct
seeded sites, such as E. timbouva and T. vulgaris, perish after 10–20 years
(Felﬁli et al., 1999; Wirth et al., 2009); and without species in the
understory, those sites could fall back to a state dominated by African
grasses (Rodrigues et al., 2009). Thus, an abundant presence of long
life-cycle species is important to guarantee the permanence of a forest
structure for decades, while the species from surrounding forests colo-
nize the sites. Introducing a small group of species that provide forest
structure for decades and promotes outside species colonization to in-
crease species and functional diversity in the restored sites is a cheap
active-restoration strategy known as “framework species” method
(Elliott et al., 2003). Our study shows that it is possible to perform this
method in direct seeding, although not focusing in animal dispersed
species, as it is done with framework species based on seedling planting
(Elliott et al., 2003; Rodrigues et al., 2011). However, it is worthwhile
to note that sites dominated by wind-dispersed trees can have even
higher density and diversity as seed rain and recruits (Cusack and
Montagnini, 2004; Zamora and Montagnini, 2007).
Although the method allowed a fast forest structuring, only a sub-
group of the regional species was direct seeded, in which recalcitrant
and animal-dispersed seed were underrepresented. Direct seeding im-
poses biodiversity ﬁlters due to seed harvesting and storage. To meet
the demands of large-scale restoration plans, it is necessary to imple-
ment a productive chain that includes harvesting, storage, quality
control, and commercialization (Urzedo, 2014), excluding, thus, the use
of species that cannot be adequately stored. Moreover, direct seeding
restoration plantings are carried out in the beginning of the wet season,
in order to increase seedling establishment and growth, improving their
survival in the next dry period (Vieira et al., 2008). Most animal-dis-
persed species are fruiting at the beginning and middle of the wet
season (Ivanauskas et al., 2004b), overlapping with the seeding period.
Given the seed productive chain, it is diﬃcult to use seeds that are
available only during the planting period because they must be har-
vested, stored, and ready to use at once. Although these ﬁlters may
inﬂuence the species used in direct seeding, they do not exclude animal-
dispersed and recalcitrant species completely. In the studied sites, we
found direct seeded species with these traits, such as Eugenia dysenterica
and Calophyllum brasiliense (Campos-Filho and Sartorelli, 2015; Mori
et al., 2012), species that are dispersed at the end of the dry season and
are not strongly recalcitrant.
After passing through the seed storage ﬁlter, seeding procedures did
not impose any additional ﬁlter to the species. The proportions of life-
history traits remained similar between seeded and established species,
and 62% of the planted species were sampled; this percentage would
increase substantially if sampling sizes in each site was higher. The
techniques that contribute to reduce the establishment ﬁlter in direct
seeding include: adequate soil preparation (Camargo et al., 2002; Silva
and Vieira, 2017), decent control of exotic grasses (Doust et al., 2008),
and use of green manure (Balandier et al., 2009; Vieira et al., 2009). All
these techniques were implemented in the restored sites. The soil was
prepared by repeated plowing months before planting, by smashing and
leveling the soil to favor the establishment of small direct seeded spe-
cies. Exotic species control was carried out during the ﬁrst year with
selective herbicide (Haloxyfop-P-methyl), accelerating the growth and
increasing the survival of direct seeded species. Leguminous species
were used as facilitators in the ﬁrst few years, improving chemical and
physical conditions of the soil, and protecting the seedlings from pre-
dation and extreme climatic conditions. Lastly, anticipating that larger
seeds have higher success in direct seeding (Camargo et al., 2002;
Knowles and Parrotta, 1995), the Xingu restoration program, as other
direct seeding restoration projects (Doust et al., 2008), overcame this
bias by seeding larger quantities of small seeds (Guerin et al., 2015).
The proportion of small (< 0.1 g), medium (0.1–1 g), and large (> 1 g)
seeds for direct seeded species was 40, 38 and 22% respectively, while
for the established species proportion was 45, 31 and 24%, respectively.
Colonizer species from the regional pool were important to drive the
restored areas towards the reference forest state in the ﬁrst decade of
restoration, considering the seed life-history traits of colonizer species.
We found no relationship between landscape forest cover and the
richness of colonizer species, despite the high variation in forest among
sites (0–65%; average of 18%). Some studies in the Neotropics also
found no relationship between landscape forest cover and species co-
lonization (Holl et al., 2017; Rocha et al., 2016). Possibly, colonizer
species were dispersed by bats, which are capable of dispersing seeds
over great distances, since some species do not avoid cleared areas in
fragmented landscapes (Bernard and Fenton, 2006). We also observed
tapir feces, full of recently germinated seeds, in many of the studied
sites. Tapirs are frugivores with large home ranges (from 100 to 400 ha;
Tobler, 2008), which play an important role as seed-dispersers, espe-
cially in disturbed areas where the canopy is not fully closed (Paolucci
et al., 2019). Also, it is possible that isolated trees in the surrounding
pastures, not detected by the remote sensing classiﬁcation, have a po-
sitive eﬀect on species colonization (Holl et al., 2017). Older sites had a
higher number of colonizer species, indicating the importance of
creating a forest structure to facilitate arrival and establishment of
colonizer species, and also that more years needed in order for species
to colonize. It is necessary to continue to monitor the sites, registering
the establishment of species and functional groups to plan for possible
reintroduction of species that do not disperse through the altered
landscape.
There is an intense debate over the eﬃciency of natural regenera-
tion compared to active restoration in tropical forests (Brancalion et al.,
2016; Meli et al., 2017a; Rezende and Vieira, 2019). Passive restoration
or assisted natural regeneration will frequently end up being selected
for sites with a high potential for natural regeneration (Meli et al.,
2017a; Rezende and Vieira, 2019). A question arises when forest re-
covery does not happen naturally, and active restoration is necessary:
how does active restoration methods shape forest recovery compared to
fast naturally regenerating sites? Structurally, direct seeding sites ac-
cumulate above ground biomass and are stratiﬁed, the same way as
natural regenerating sites (Freitas et al., 2019). In terms of species
composition, direct seeded sites had a more predictable pool of species
than naturally regenerating sites. Each of the six naturally regenerating
sites was dominated by a diﬀerent species. Some were dominated by
pioneer species with high ability to establish in pastures, such as Vismia
guianensis and Mabea ﬁstulifera, and others were dominated by species
that survived since deforestation took place, and during the pasture
establishment and management, through resprouting of roots and root
collars, such as Eugenia dysenterica and Curatella americana. Such var-
iation in species and regeneration strategies suggests that disturbance
history and landscape strongly determine the initial ﬂora in naturally
regenerating sites. Almost half of the species present in naturally re-
generating sites were direct seeded in the actively restored sites.
However, other species are diﬃcult to use in direct seeding, because of
a lack of knowledge on germination, and because strong resprouter
species found in naturally regenerating sites do not perform as well as
seed and seedlings (Chew and Bonser, 2009). We conclude that diﬀer-
ences between fast naturally regenerating sites and direct seeded sites
are not discrepant in structure and composition, since naturally re-
generating sites are themselves heterogeneous. Future studies should
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follow the successional trajectories in communities dominated by dif-
ferent species or species groups, as has been done with alternative
successional pathways in Amazonian forests (Longworth et al., 2014).
Our results show that even if a large group of species from the re-
gional pool are not introduced through direct seeding, the established
species may persist and improve conditions for their establishment, and
lead to the colonization of woody species. In highly deforested land-
scapes, where species colonization is lower than what we found in this
study, it may be necessary to introduce recalcitrant and animal-dis-
persed species, either through seedling planting or direct seeding, even
right after their ripening. Since restoration has become one of the
mainstream solutions to counter biodiversity loss and climate change
(Suding et al., 2015), it is imperative to reduce its costs and enhance its
outcomes. From our study, we conclude that direct seeding is delivering
these goals. More research is bound to improve native seeds vigor,
emergence, establishment, and survival in ﬁeld conditions. The next
challenge is incorporating and developing native seed technology to a
greater range of species that will successfully establish on diﬀerent
ecozones.
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